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Received: 17 December 2009 / Accepted: 19 May 2010 / Published online: 13 June 2010

� Springer Science+Business Media B.V. 2010

Abstract We review the evolution, state of the art

and future lines of research on the sources, transport

pathways, and sinks of particulate trace elements in

urban terrestrial environments to include the atmo-

sphere, soils, and street and indoor dusts. Such studies

reveal reductions in the emissions of some elements

of historical concern such as Pb, with interest

consequently focusing on other toxic trace elements

such as As, Cd, Hg, Zn, and Cu. While establishment

of levels of these elements is important in assessing

the potential impacts of human society on the urban

environment, it is also necessary to apply this

knowledge in conjunction with information on the

toxicity of those trace elements and the degree of

exposure of human receptors to an assessment of

whether such contamination represents a real risk to

the city’s inhabitants and therefore how this risk can

be addressed.
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Introduction: urban particulates

Urban geochemistry is a rapidly evolving science; it

has to be since populations in cities continue to

increase and their contribution to environmental

contamination increases as a result (Pope et al.

2009; Wang et al. 2008; Charlesworth et al. 2003).

The earliest studies were concerned with levels of

trace elements in the solid materials that humans

could be exposed to from atmospheric suspended

particles, street dust, house dust, to soil. Identification

and characterization of sources of these trace ele-

ments was carried out both qualitatively (which

elements are associated with which sources) and

quantitatively i.e., relative contributions of different

emission sources to the total amount of a given

element in a given urban material. With growing

awareness of the potential health effects of particu-

late-associated pollutants, the focus widened to

include problems of speciation, modes, and rates of

transfer between different urban media, estimates of

exposure through different routes such as inhalation,

ingestion, dermal adsorption (Bowman et al. 2003),
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and potential impacts on human health, considering

not only exposure to all types of sources for a

particular pollutant across an urban area but also the

proportion of population exposure attributable to

different polluting sources (Zou et al. 2009).

The principal developments in urban geochemistry

listed above have generally taken place first in

investigations of Pb (because of its potential toxicity,

widespread occurrence in urban particulate materials,

and well-established main urban source, i.e., traffic),

and since the now widespread introduction of

unleaded fuels, have subsequently been applied to

other trace elements. This paper therefore reviews the

research carried out to elucidate sources, transport

pathways, sinks, and impacts of particulate associated

trace elements in the various spheres making up the

urban environment.

The urban aerosol

Concern over the quality of urban air has driven the

need for targets to improve emissions, which has lead

to legislative controls (Williams 2004). These targets

have been based on the sources of emissions,

beginning in the UK, e.g., with the 1950s ‘‘London

smogs’’, and concentrating mainly on smoke. How-

ever, suspended atmospheric particles can originate

both naturally and from typically urban sources (i.e.,

vehicular traffic, domestic heating systems, etc.)

therefore much research has attempted to differenti-

ate natural from anthropogenic contributions. There

is general agreement (cf. Van Dingenen et al. 2004)

that the size of urban suspended particles follows a

bimodal distribution, in which particulate matter of

‘‘natural’’ origin (resuspended soil and mineral par-

ticles) constitutes the coarsest fraction, while those

associated with anthropic sources (combustion pro-

cesses in most cases) are finer, generally \2 lm.

Investigations in different cities found that the

dominant particle size lay in the sub-micron range

(Lin and Lee 2004; Kasparian et al. 1998).

Studies ascertaining the particle size distribution

and chemical composition of those emissions are

important as such properties determine their potential

health effects; i.e., that \10 lm (PM10) is considered

‘‘inhalable’’ (can reach the alveoli of the lungs and

potentially cause irritation and disease), with the

coarsest particles of this fraction becoming trapped in

the nose, throat, and upper respiratory tract, while

the \ 2.5 lm (PM2.5) fraction is regarded as ‘‘respi-

rable’’, since they can penetrate deep into the

respiratory system, generally beyond the body’s

natural clearance mechanisms, and are more likely

to be retained and absorbed. The PM2.5 fraction is

therefore associated with adverse health effects, such

as asthma and even mortality (Kappos et al. 2004), as

well as with ambient air quality problems, including

visibility reduction (Horvath 2008; Lin and Tai

2001). While some researchers (e.g., Kappos et al.

2004) have reported difficulties in assessing the

health effects of ultra-fine particles, i.e., tho-

se \0.5 lm, research has mostly concentrated on

the finest fraction. Trace elements found in associa-

tion with these fine particulates and of toxicological

concern include As, Cd, Cr, Hg, Mn, Ni, Pb, and V,

exposure to which in occupational environments has

been suspected of causing sinusitis, asthma and

chronic bronchitis, pneumonia, lung hemorrhage,

lung cancer, and brain hemorrhage (Choi et al.

2009; Crosby 1998).

The potential toxicity of such elements has

encouraged much scientific research into their

sources and levels in urban aerosols. Traffic has

provided a primary focus, but emissions of suspended

particles from other urban activities, such as fuel

combustion for heating, industrial processes, etc., are

also discussed in the following sections.

Traffic

The particle size distribution of exhaust emissions

depends on driving patterns; freeway exhaust parti-

cles usually being approximately 0.1 lm, whereas

urban driving generates coarser particles of up to

5 lm. In the past, vehicular sources have contributed

large amounts of atmospheric lead due to the use of

leaded petrol, ranging from 40% absolute Pb con-

centration (Kowalczyk et al. 1982) with little contri-

bution from diesel traffic, to 4% when the

contribution of diesel traffic is significant (due to

the diluting effects of carbonaceous particles). The

relative contribution of traffic to trace element loads

has also been evaluated by Ba/Pb, Br/Pb ratios (e.g.,

Sturges and Harrison 1986) wherein Pb/Br ratios of

between 0.8 and 4.7 are indicative of vehicular

emissions and, using factor analysis, the scores on a

factor that includes Pb, Cu, Ba, and Zn (Viana et al.
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2006; De Miguel et al. 1999; Paterson et al. 1996). A

recent modification to factor analysis, positive matrix

factorization, has been used with multiple sources to

give ‘‘significant information on anthropogenic

sources’’ (Mazzei et al. 2008, p. 87). However,

studies using radioactive isotope ratios (e.g., Chen

et al. 2005) have enabled finer discrimination with

Widory et al. (2004) using carbon isotopes to

differentiate between diesel emissions and those of

fuel oil, although they do admit that these conclusions

are ‘‘subject to debate’’ (p. 959).

Catalytic converters were introduced in the mid-

1970s in the USA and mid-1980s in Europe, and with

increasing use of multi-element analytical techniques

such as ICP-AES, it was realized that platinum group

elements (PGEs) or metals (PGMs) which included Pt,

Pd, Rh, Ru, Ir, and Os (Ravindra et al. 2004) had begun

to accumulate in the environment. Barbante et al.

(2001) estimated that up to 1.4 ton Pt year-1 could be

released from vehicle catalytic converters globally and

Schäfer et al. (1999) found that typical urban Pt

deposition rates could reach 23 ng m-2 day-1. These

elements bioaccumulate (Palacios et al. 2000) and are

also transported in the ultrafine, inhalable particle

sizes, generally \ 0.39 lm. A detailed review of PGE

levels in environmental materials is beyond the scope

of this paper, but Moldovan et al. (2001, 2002) and

Ravindra et al. (2004), among others, have covered

PGE mobility, bioaccumulation, and human health

effects.

Domestic heating, coal, and oil combustion

The emissions profiles of coal and oil depend on

their provenance, hence determining their contribu-

tion to the urban aerosol is difficult. Historically,

coal combustion, for instance, has been one of the

main sources of Mn, Cr, Cu, Co, As, and Se, but its

exact emission profile depends on the type of coal

burnt. Complicating the matter is the fact that its

emission profile coincides to a great extent with that

of soil resuspension, due to the similarity between

the alumino-silicate matrix of soil particles and that

of coal fly ash (Tomza 1984; Kowalczyk et al.

1982). Differentiating factors have been found due

to the relative enrichment in As and Se and

depletion in Mn of coal fly ash and the use of Al,

Si, and Ti to trace the influence of coal combustion

(Han et al. 2010; Rose et al. 1994; Pacyna 1991;

Kowalczyk et al. 1982). In most of Europe coal has

mostly been replaced by natural gas as fuel for

domestic heating with a consequent reduction in its

contribution to the load of trace elements in urban

environments.

Vanadium, and to a lesser extent Ni and S, have

been almost universally used as tracers of oil

combustion (Sadiq and Mian 1994; Cornille et al.

1990; Boni et al. 1988; Kowalczyk et al. 1982),

although Cornille et al. 1990, assigned up to 40% of

all the V in the aerosol of an arid area to shale-like

soil resuspension, thus highlighting the necessity to

interpret data carefully, taking local conditions into

account.

Resuspension of soil and street dust particles

Soil and street dust particles can be entrained by wind

currents into the overlying air where they represent a

significant proportion of its coarse fraction (Harrison

et al. 1974). Although wind is clearly important,

vehicular and pedestrian traffic (e.g., Patra et al.

2008; Kupiainen 2007), agricultural activities, street

sweeping (Yuan et al. 2003) and construction oper-

ations can also contribute. Soil resuspension is

probably the main source of K, Mg, and Mn, and

together with coal combustion, provides a significant

amount of Al, Ca, Ce, Cr, Fe, La, Sc, Sr, Ti, and Th

(Boni et al. 1988; Kowalczyk et al. 1982). Street dust

and the fine soil fraction are enriched in anthropo-

genic trace elements and, if resuspended, can make a

notable contribution to the inhalable trace element

load of an urban aerosol. A study by Laidlaw and

Filippelli (2008) found significant health risks to

young people from resuspended soil contaminated

with Pb both inside and outside the home, leading to

blood lead levels (BLL) in children in excess of

10 lm dl-1 in some USA cities. In Cairo, Egypt,

Sharaf et al. (2008) found BLLs up to 14.3 lm dl-1

in children living by heavily trafficked roads, and

asserted than the CDC (2007) 10 lm dl-1 advisory

level is too high. However, soil particles contributing

to the urban aerosol can originate naturally due to

crustal erosion and the finest fraction of these

‘‘natural’’ particles can travel long distances, their

chemical makeup reflecting the mineral composition

of the original soil (Cornille et al. 1990).
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Other urban sources

Other sources include specific industrial processes,

incineration, construction activities, road weathering,

and maintenance, etc. The emission profile of refuse

incineration depends on a number of process factors,

but Pacyna (1983) and Kowalczyk et al. (1982)

reported that incineration is a major source of Zn, Cd,

and Sb. Wadge et al. (1986) found high levels of Pb

and Cd in the finest fraction of refuse incineration fly-

ash. For elements volatilized during combustion, an

inverse relationship of concentration with particle

size exists, due to the larger surface area-to-volume

ratio of the smaller particles (Arditsoglou et al. 2004).

High levels of Ca can be related to the presence of

cement dust, and hence to construction activities; the

element has therefore been used as a tracer of

suspended cement dust (Loredo et al. 2004; Gatz

1975). According to Kowalczyk et al. (1982),

airborne cement particles should exhibit concentra-

tion ratios K/Ca & 0.006 and Mg/Ca & 0.16. Using

Ca as an indicator of the presence of cement dust,

Zhao et al. (2006) found that as well as soil and coal

combustion, construction dust made up over 80% of

the sources of resuspended dust and hence urban

ambient PM10 in six cities in China.

In northern countries, the use of spiked tires in the

cold season results in abrasion of the road surface,

generating dust particles. Lastly, depending on the

location of a city, sea spray may supply considerable

amounts of Na to the atmosphere (Kowalczyk et al.

1982). Studies such as the one by Pryor et al. (2008)

suggest that neglecting the interactions of sea spray in

urban air quality considerations may lead to mislead-

ing conclusions being drawn.

Source apportionment

Source partitioning is a crucial element in the

formulation and implementation of long-term strate-

gies and environmental policies for reducing trace

metal contamination and human exposure to poten-

tially toxic trace metals (Duzgoren-Aydin 2007). The

terms ‘‘source apportionment’’ and ‘‘receptor model-

ing’’ make use of various mathematical models to

attempt to apportion the aerosol measured at a

receptor site to its likely sources. The two most

widely used are chemical mass balance (CMB) and

multivariate models. The latter employ multivariate

analysis techniques to predict the number of relevant

emission sources in the area and their individual

contributions to a series of aerosol measurements

(Harrison et al. 1997). These models, however, are

not well suited for source apportionment when two or

more emission sources in the study area have similar

‘‘signatures’’ or elemental emission profiles such as

coal and soil as discussed above. Furthermore, an

infinite number of models can be produced that will

satisfy a given aerosol composition and all natural

constraints which would be unhelpful (Henry 1987).

In contrast, CMB models assume that the elemental

composition of different source emissions is also

known (not valid for all sites), so individual contri-

butions of each source can be estimated by solving a

system of linear equations (Cornille et al. 1990;

Kowalczyk et al. 1982; Gatz 1975). However, this

approach can be misleading because different ele-

ments may have different physicochemical fraction-

ation processes, and thus their relative abundances

may change significantly during transportation (Bol-

lhofer and Rosman 2000). Pb isotope ratios as a

fingerprint technique are beginning to be widely

utilized in environmental studies, providing comple-

mentary information on the determination of sources

of Pb and other sulphophile elements, such as Hg, As,

Sb, Zn, and Cu (Zhu et al. 2001, 2003). The isotope

ratios measured in environmental samples depend on

the age of the ore bodies from which they are derived,

as they are not affected by physical or chemical

fractionation processes in the surface environment

(Bollhofer and Rosman 2000; Zhu et al 2001). Pb

isotope ratios have been used in numerous studies

utilizing various types of urban samples, although

this method of source apportionment can only be

applied successfully if there is a significant difference

between the isotopic composition of the target media

and potential sources (Duzgoren-Aydin 2007).

Some studies have attempted to determine source

etiology of metals in various environmental compart-

ments using geographical information systems (GIS)

mapping (Duzgoren-Aydin and Weiss 2008). The

utilization of this tool allows large public health

databases to be linked with large geospatial dat-

abases. This capability enables the analysis of relative

information quickly to aid in the testing of hypoth-

eses based on geographical patterns. Specific infor-

mation (attributes) can be linked to location data,
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such as industrial or heavily trafficked areas (e.g.,

Dao et al. 2009). In addition, quantities and densities

of people, industry, or heavy metals can be mapped

and linked with other attributes such as blood lead

values and lead concentrations in soil by population

density or census tract. Similarly, areas of high and

low concentration of metals can be objectively

plotted.

Concentrations of elements found in soil are often

compared against published guidelines such as

Contaminated Land Exposure Assessment (CLEA),

Soil Guideline Values (SGV) (Defra and EA 2002)

or Trigger concentrations (ICRCL 1987). However,

low sampling densities are sometimes utilized (e.g.,

Charlesworth et al. 2003 (one sample 0.4 km-2) and

Lee et al. 2006 (five samples km-2)) on which

management decisions may be based where the

significance of the concentration of a single sample

is unknown. A knowledge of the spatial and

temporal distribution of soil variability is fundamen-

tal to an understanding of urban processes and hence

the implementation of suitable management strate-

gies to mitigate any negative environmental impacts.

A number of studies (Grzebisz et al. 2002; Lin et al.

2005; Navas and Machı́n 2002) have therefore

focused on the spatial variability of soil character-

istics using GIS to demonstrate that it varies with

map scale, spatial location, and specific soil proper-

ties (Lin et al. 2005). In a nested soil sampling study

in Milton Keynes, UK, which concentrated on

so-called ‘‘hot spots’’ of elevated heavy metal

concentration, Charlesworth (unpublished data) used

ArcGIS 9.2 software to map sample variability at

different scales. The largest scale took four samples

km-2, the middle scale took 11 samples km-2, and

at the smallest scale, 32 samples km-2 were taken

(see Fig. 1). Results (Table 1) underscore the

influence of sampling scale on the ability to detect

hot spots and to determine their spatial boundaries,

indicated by the variability of concentrations within

the sampling unit, in a highly heterogeneous medium

as urban soil.

Depending on its physical characteristics and

climate conditions, airborne particulate material

may settle onto a surface of some kind in the urban

area. The next sections follow these particles onto the

street and thence indoors, assessing their eventual

risk to the environment as a whole and to those who

live in it in particular.

Street dust

Solid particles that accumulate on outdoor, impervi-

ous materials are collectively referred to as ‘‘street

dust’’, while particles found inside urban dwellings

are commonly termed ‘‘house or indoor dust’’,

suggesting that all this material is inhalable. How-

ever, studies of various urban environments (e.g.,

Sansalone et al. 1998) have found that the majority of

urban sediments are [400 lm by mass, and therefore

the term ‘‘dust’’ may be inappropriate. However, it is

a term in general use to describe such material and so

will be used here.

Street dust does not remain deposited for long; a

study by Allott et al. (1990) in northwest England,

using 137Cs, found that the half-life of street dust was

between 190 and 370 days. It is easily resuspended

back into the atmosphere, where it contributes a

significant amount of trace elements (Zhao et al.

2006), or precipitation washes it out where it can

become an important component of suspended and

dissolved solids in street run-off (Vermette et al.

1991), so the temporal variability of street dust trace

element concentration is high, and most studies do

not monitor long enough in order to evaluate it. Street

dust also presents a pronounced small-scale hetero-

geneity (Leharne et al. 1992), reflecting the mobility

and rapid environmental alteration of street dust and

also the variable distribution of its urban sources.

There are several point-sources that contribute

directly to street dust (Hopke et al. 1980; Schwar

et al. 1988) the most relevant of which is vehicular

traffic (see Sect. ‘‘Traffic’’), in particular car exhaust

emissions which were responsible for elevated con-

centrations of Pb, Zn, Cd, Cu, and Ba. The gradual

shift from leaded to unleaded petrol has reduced the

input of Pb; it was found by Charlesworth et al. (2003)

that Pb concentrations in street dusts from Birming-

ham, UK, had declined over a nearly 30-year period

from an average of 1,300 lg g-1 in residential streets

(Davies et al. 1987) to 48 lg g-1. Therefore, some

countries have now dropped Pb from their atmospheric

monitoring programs, concentrating instead on Zn and

Cu (Foster and Charlesworth 1996), with the sugges-

tion being made by Wong et al. (2006) that an

inventory of their isotopic signatures be made, similar

to that for Pb in order to assist in identifying and

eventually quantifying their sources. High concentra-

tions of Zn and Cd have been traditionally related to
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Fig. 1 A Comparison of

the spatial distribution of Zn

(lg g-1) in soil at different

scales, Milton Keynes, UK.

A = 4 samples km-2;

B = 11 samples km-2;

C = 32 samples km-2

(Digimap 2008)
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tire wear (Stigliani and Anderberg 1991; Fergusson

and Kim 1991) but Zn compounds are also used as

antioxidants and as detergent/dispersant improvers in

lubricating oils (Begum et al. 2007; Drew 1975),

contributing to the influence of traffic on the Zn load in

street dust. Like Zn, Ba dispersions are widely used as

detergents/dispersants but also as oxidation and cor-

rosion inhibitors in lubricating oils for diesel and other

combustion engines, and as smoke suppressant addi-

tives in diesel fuels, explaining the high Ba concen-

trations in street dust (Kowalczyk et al. 1982).

Oxidation of lubricating oils upon exposure to air at

high temperatures results in the formation of organic

acids, alcohols, ketones, aldehydes, and other organic

compounds that are corrosive to metal. This corrosive

action results in the release of Zn, Cu, and Cd-bearing

alloys (Drew 1975) or, as in the case of sinterized

materials used in the automobiles’ oil pump, of Ni, Cu,

and Mo to the urban environment and their accumu-

lation in street dust (De Miguel et al. 1997).

Although particles emitted directly from combus-

tion engines usually lie in the range \1 lm under

normal driving conditions, stop-and-go activities and

acceleration-deceleration cause resuspension and

emission of larger particles (Kim et al. 1998). Also,

fine atmospheric and street dust particles undergo an

intense process of condensation growth and agglom-

eration that results in aggregates of larger size, as

revealed by electronic microscopy (Dongarrà et al.

2003). This increase in particle size is the reason why

a large percentage of trace elements emitted from

automobile exhausts do not travel far, but are

deposited close to the road, street, or motorway

where they originated (Warren and Birch 1987).

Another localized source of trace elements in

street dust is the weathering, construction, renova-

tion, and redecoration of buildings and building

materials. Corrosion of galvanized-metal structures

(roofs, balconies, window ledges, crash barriers,

etc.) contributes large amounts of Zn and Cd to

street dust (Fergusson and Kim 1991). This process

can raise the concentration of both elements in street

dust to values of 44,000 lg g-1 of Zn and

20 lg g-1 of Cd in the particulate material collected

from under the metal ledges and balconies of old

buildings (De Miguel et al. 1997). Elevated levels of

Cd and Pb in street dust can also be associated with

the accumulation of paint flakes from deteriorating

old facades or recently redecorated walls (Rundle

and Duggan 1986; Davies et al. 1987; Schwar et al.

1988; Fergusson and Kim 1991). The interest in this

source of Pb in street dust arose from evidence that

children were readily exposed to these particles,

both at home and at school (Duggan et al. 1985),

and that this exposure resulted in toxic effects

(Harvey et al. 1985; Mielke et al. 1999). Possibly

also associated with pulses of construction activity,

relatively high activities of radioactive nuclides have

been found in some urban dusts in Coventry, UK

(Charlesworth and Foster 2005) where some sam-

ples approached (and even exceeded) the ICRP

(1991) guidelines of 1 mSv year-1 for members of

the public. Average heavy metal concentrations

in the street dust of some cities are shown in

Table 2.

Some of this outdoor dust and its associated

pollutants eventually makes its way into the interior

of buildings where studies of such contamination

Table 1 Mean metal concentrations (lg g-1) from a nested soil sampling study, Milton Keynes, England

Pb Zn Ni Cu Cd

S1 (n = 70)

Mean 51.1 74.57 17.91 20.5 0.51

SD 127.1 30.04 3.52 9.71 0.55

S2 (n = 15)

Mean 184.6 155.3 14.75 50.69 0.67

SD 263.0 101.7 5.07 37.8 0.47

S3 (n = 16)

Mean 235.6 178.7 18.72 48.61 0.68

SD 227.7 104.8 4.31 30.44 0.39

S1 = 4 samples km-2; S2 = 11 samples km-2; S3 = 32 samples km-2
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have found levels of metals and other toxic chemicals

of concern. The following sections consider this

indoor dust, and also one of the main sources of this

and street dust, urban soil.

Indoor dust

The main sources of indoor house dust include soil

and street dust particles; these are carried indoors

Table 2 A comparison of the mean (or range of) concentrations of heavy metals in street dusts and urban soils found in studies

globally (lg g-1)

City Population (9103 hab) Referencesa Cd Cu Ni Pb Zn

New York (USA) 18,200 Str. dust 1 8 355 NA 2,583 1,811

Seoul (Korea) 10,400 Str. dust 2 3 101 NA 245 296

Bangkok (Thailand) 9,100 Soil 3 0.3 42 25 48 118

Mexico City (Mexico) 8,800 Soil 4 NA 101 40 141 307

London (UK) 7,500 Str. dust 5 2.7 108 NA 2,100 539

Soil 6 NA 73 NA 294 183

Hong Kong (China) 7,000 Str. dust 7 NA 92–392 NA 208–755 574–2,397

Soil 8 NA 25 NA 93 94

Berlin (Germany) 3,400 Soil 9 0,7 54 10 133 223

Madrid (Spain) 3,200 Str. dust 10 NA 188 44 193 476

Soil 11 NA 72 14 161 210

Amman (Jordan) 1,900 Str. dust 12 2.5–3.4 69–117 27–33 219–373 NA

Hamburg (Germany) 1,800 Soil 13 2.0 147 63 168 516

Taejon (Korea) 1,600 Str. dust 14 NA 47–57 NA 52–60 172–214

Damascus (Syria) 1,400 Soil 15 NA 34 39 17 103

Naples (Italy) 1,000 Soil 16 NA 74 NA 262 251

Birmingham (UK) 1,000 Str. dust 17 1.6 467 41 48 534

Soil 18 0.9 147 34.5 160 320

Seville (Spain) 700 Soil 19 NA 68 22 137 145

Palermo (Italy) 660 Soil 20 NA 63 18 202 138

Oslo (Norway) 630 Str. dust 10 1.4 123 41 180 412

Soil 21 0.4 32 28 56 160

Hamilton (Canada) 500 Str. dust 22 4 129 NA 214 645

Tallinn (Estonia) 400 Soil 23 NA 45 16 75 156

Christchurch (New Zealand) 370 Str. dust 1 1 137 NA 1,090 548

Cincinnati (USA) 330 Str. dust 24 NA 253 NA 650 NA

Coventry (UK) 300 Str. dust 17 0.9 226 130 47 386

Soil (*) 1.6 65.8 26.6 14.6 224.5

Lancaster (USA) 140 Str. dust 5 3.7 75 NA 1,090 260

Avilés (Spain) 80 Str. dust 25 22 183 28 514 4,892

Soil 25 2.2 63 17 149 376

Urbana (USA) 40 Str. dust 26 1.6 NA 250 1,000 320

Mieres (Spain) 25 Str. dust 27 1.6 112 26 318 420

Soil 27 1.0 57 34 92 233

a (1) Fergusson and Ryan (1984), (2) Chon et al. (1995), (3) Wilcke et al. (1998), (4) Morton-Bermea et al. (2008), (5) Harrison et al.

(1981), (6) Thornton 1991), (7) Wang et al. (1998), (8) Li et al. (2001), (9) Birke and Rauch 2000), (10) De Miguel et al. (1997), (11)

De Miguel et al. (1998), (12) Jiries et al 2001), (13) Lux 1986), (14) Kim et al. (1998), (15) Möller et al. (2005), (16) Imperato et al.

(2003), (17) Charlesworth et al. (2003), (18) Shepherd et al. (2006), (19) Madrid et al. (2002), (20) Manta et al. (2002), (21) Tijhuis

et al. (2002, (22) Droppo et al. (1998), (23) Bityukova et al. (2000), (24) Tong 1998), (25) Ordóñez et al. (2003), (26) Hopke et al.

(1980), (27) Loredo et al. (2004), (*) new data
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adhered to clothes and shoes, swept indoors by wind

drafts, or even brought inside on the fur of domestic

animals (Tong 1998). In the case specifically of Pb, it

is well documented that exterior lead sources are

major contributing sources of interior (indoor) lead

contamination due to the trans-location of particu-

lates (Lanphear et al. 1998; Wong et al. 2000; Farfel

et al. 2003). The relative contribution of the urban

aerosol and of indoor sources of trace elements

(cooking and other combustion processes, rubber,

wall paint, fabrics, pigments) has yet to be conclu-

sively evaluated (Hogervorst et al. 2007; Edwards

et al. 1998; Fergusson and Kim 1991). As in the case

of street dust, concern over inhalation, ingestion, and

dermal exposure to house dust has fueled research,

since it has been cited as one of the major sources of

exposure to pesticides and metals, particularly Pb, in

children (Edwards et al. 1998). In fact, lead-based

paint is often the prime suspect as the source when a

child presents with elevated blood lead (CDC 2007).

Turner and Simmonds (2006) reported that, in

common with many other studies worldwide, enrich-

ment of Cd, Cu, Pb, Sn, and Zn in dusts from four

regions across the UK were of concern. However,

Tong and Lam (2000) found that activities such as

floor sweeping and dusting reduced the levels of

metals in houses in Hong Kong. Chattopadhyay et al.

(2003) found that, while atmospheric concentrations

of Pb have reduced since the introduction of unleaded

petrol (see Sect. ‘‘The urban aerosol’’), that of

household dusts in Sydney, Australia, have remained

essentially unchanged, due not only to the accumu-

lation of Pb inside the house from the use of old

leaded paints (the prevalence of lead-based paint

hazards increases with the age of housing), but also

the historical accumulation of more than 80 years of

leaded petrol deposition in the urban area, in addition

to any other exterior sources. Furthermore, recent

studies (Sutherland et al. 2002; Duzgoren-Aydin

2007) have emphasized that re-suspended lead-bear-

ing particulates deposited from past anthropogenic

activities are still an important source of prevailing

lead pollution in the surface environment. However,

given the ubiquitous and complex nature of environ-

mental lead, assigning an attributable risk to any one

lead source and then estimating the extent of

contribution of each potential source(s) of lead, for

instance, to elevated blood lead in a child is difficult

and arduous.

As mentioned before, one of the vectors for the

transport of contaminants indoors is soil, and it has

been found that soil can act as a repository for

historical contamination not only due to traffic but

also industry (e.g., Charlesworth et al. 2003). The

following section therefore considers levels and

sources of soil contamination in urban areas.

Urban soil

The term urban soil can be understood to encompass

all types of non-paved land within the city limits:

public and private green areas (parks and gardens),

undeveloped land, building lots, etc. Whereas the

characterization of street dust offers an instantaneous

‘‘snapshot’’ of an urban environment’s condition,

urban soil rather acts as a pollutant sink and, if

undisturbed, preserves the cumulative history of trace

elements inputs into it (although not in the orderly,

sequential fashion of an urban lake sediment).

Soil particles do not necessarily remain undis-

turbed, but can become part of street dust or even of

the urban aerosol. Particles smaller than 100 lm

move in ‘‘suspension’’ and the finest among them

may remain airborne for prolonged periods of time.

The process of suspension is all the more intense if

the small particles are accompanied by particles

moving by ‘‘saltation’’, which upon landing back on

the surface will help to entrain the finest material

(Nicholson 1988). Consequently, exposure to trace

elements in urban soil does not occur solely by

ingestion or dermal contact but also through inha-

lation of resuspended soil particles. However, the

most immediate route of exposure for children, the

most sensitive segment of the population, is hand-to-

mouth activity during games and the habit of

‘‘pica’’, i.e., mouthing of non-food objects, with

several investigations suggesting that urban soil and

dirt represent a significant intake of trace elements

for children living in urban areas (Abrahams 2002;

Watt et al. 1993; Rundle et al. 1985).

Although generally lower than those found in street

dust, urban soil can contain enriched levels of trace

elements relative to natural background levels (e.g.,

Biasioli et al. 2007; Charlesworth et al. 2003; Charles-

worth and Foster 2005). Table 2 shows heavy metal

concentrations in soils from various cities of the world.

The main sources of these trace elements include the
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atmospheric deposition of particles generated by

automotive traffic, heating systems, and resuspended

street dust, the uncontrolled disposal of urban and

commercial wastes, and the addition of fertilizers and

composted sewage sludge to the soil (Shi et al. 2008;

Yesilonis et al. 2008; De Miguel et al. 1998).

The exact contribution of each single source to the

load of trace elements in urban soils, including the

natural parent material, is difficult to quantify (Norra

et al. 2006), since all the various inputs are integrated

in the soil over time, and urban soils are periodically

disturbed by landscaping, construction, irrigation, and

partial or total replacement, to name a few. The

influence of atmospheric deposition is fairly uniform

across the city and gives rise to ‘‘urban background’’

levels of trace elements, which are higher than those

in natural soils. For example, De Miguel et al. (1998)

cite enrichment factors of 2.3, 2.6, and 4.0 for Zn, Cu,

and Pb, respectively, in the urban soil of Madrid

relative to natural background levels. If the atmo-

spheric aerosol has received contributions from

industrial sources, the increase in trace element soil

concentrations relative to natural levels is much more

pronounced. Ordóñez et al. (2003) found concentra-

tions of Zn and Cd as high as 2,000 and 8 lg g-1,

respectively, downwind from a Zn smelter in Avilés

city (see Table 2). Moreover, the influence of atmo-

spheric deposition is not restricted to soils within the

city limits. The effect of atmospheric fallout from the

city of Madrid is significant in soils up to a distance of

15 km from the city center for Pb, Cu, and Zn (Fig 2)

decreasing abruptly or disappearing totally beyond

that distance (Llamas et al. 1993). Charlesworth et al.

(2007) plotted the distribution of Zn, Ni, Cu, Cd, and

Pb across the City of Coventry, UK, and found ‘‘hot

spots’’ associated with the heavily trafficked main

roads and industrial areas, but these elevated concen-

trations also reduced considerably at the city limits.

Unlike the influence of atmospheric deposition, the

disposal of urban and commercial wastes, and the

addition of fertilizers and composted sewage sludge

have a very localized effect on the trace element

content of urban soils. If present, however, these

sources can contribute a larger amount of a number of

trace elements to the urban soil than atmospheric

deposition does. De Miguel et al. (1998) found that

urban soils amended with composted sewage sludge

presented levels of Cu, Ni, Pb, and Zn that were 2–3

times higher than those in urban soils which did not

receive compost additions. As a consequence, the

highest levels of metals in soil were detected in some

of the best-kept parks and gardens in the city, where

fertilizing takes place on a regular basis. Concern

over the potential implications of sewage sludge

application, in terms of increased trace element load

in soil, has fueled scientific research and legislative

action in this field (Berti and Jacobs 1998; Giusquiani

et al. 1992).

Urban soil does not only act as a net accumulator

of trace elements but also acts as a significant source

to the atmospheric aerosol and, particularly, to street

dust. An example of this role is provided by De

Miguel et al. (1997), who found that some of the

highest concentrations of Pb in the street dust of Oslo

were not associated with dense traffic but with nearby

soils where Pb had accumulated over long periods of

time from a Pb smelter that was shut down several

years before the street dust sampling campaign took

place.

Fig. 2 The distribution of soil lead concentrations (lg g-1) in

and around Madrid
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Some of the sources of trace elements in street dust

and soil have been established in these sections, the

fact that they can become entrained and transported in

the atmosphere and that hazardous contaminants can

be stored in various urban environmental compart-

ments. The following section considers whether their

presence constitutes a risk to the environment as a

whole, or arguably more importantly, whether they

constitute a risk to human health. This involves a

consideration of how urban geochemistry can be

modified to take account of whether pollutants are

bioavailable or bioaccessible, and the ways in which

potential risk can be estimated.

Risk and health implications

One of the major research interests in the field of

urban geochemistry concerns the potentially adverse

health effects of exposure to urban pollutants. Until

recently, most studies had either established an

inferred link between elevated concentrations of toxic

elements in street dust and soil and the observed

incidence of a given effect in a population, or had

directly equated risk with predominance of mobile

chemical species, as determined in sequential (Tessier

et al. 1979) or selective extraction protocols (Banerjee

2003). The ecotoxicological significance of trace

elements in street dust had also been directly evalu-

ated by means of bioassays (Wang et al. 1998). In the

last few years, risk-assessment strategies—exten-

sively employed by regulatory authorities to define

soil screening levels or soil guideline values—have

increasingly been adopted and, when necessary,

adapted to the peculiarities of urban environments in

order to appraise the relevance—in terms of health

effects—of toxic elements and compounds in urban

matrices by jointly considering toxicity of the con-

taminants and level of exposure of the population (De

Miguel et al. 2007; Ferreira-Baptista and De Miguel

2005; Lee et al. 2005; Kim et al. 2005; Hemond and

Solo-Gabriele 2004; Granero and Domingo 2002;

Wcislo et al. 2002; Boyd et al. 1999).

Toxicity values for carcinogens (slope factors) and

non-carcinogens (reference doses), which are con-

stantly being reviewed, are expressed as point

estimates with an indication of the uncertainty asso-

ciated with their determination, usually spanning one

order of magnitude. These toxicity values are usually

taken for granted by risk assessors, resulting in that

risk assessment is essentially the assessment of the

degree of exposure, measured as a chronic or life-time

average daily dose (in milligrams of contaminant per

unit of body weight and unit of time). The dose

received through ingestion, inhalation and dermal

absorption of trace elements in urban particulate

materials depends on four types of variables: contact

rate, exposure frequency, exposure duration, and body

weight of the potentially exposed population, the

estimates of which are again affected by a variable

degree of uncertainty. This uncertainty and the fact

that these variables are all population-specific greatly

complicate the task of determining the exact contri-

bution of each exposure medium to the overall risk

experienced by the exposed individual. The afore-

mentioned uncertainties notwithstanding, risk assess-

ment has proven to be a very useful tool to reveal the

true implications for human health of the concentra-

tions of trace elements found in urban media.

Preliminary steps in the risk-assessment process

include whether elements associated with the solid

deposit of interest exceeds published or site-specific

background values, or those limits set by national

agencies (Sastre et al. 2002). In order to facilitate this

analysis, especially when utilizing spectrometric

techniques, digestion of the material is required in

order to liberate the elements of interest. There are a

number of well-established digestion protocols

(USEPA 1994, 1996, 1997; Tam and Yao 1999;

Linge 2008), however there is no universal method

applicable for all elements and analytical equipment

used, due to the complex nature of environmental

samples and the availability and technical limitations

of analytical equipment (Duzgoren-Aydin et al.

2010). The standard practice of pseudo-total diges-

tion of samples using aqua regia or similar ‘‘strong’’

digestion protocols may lead to an overestimate of

risk since only a portion of the elements released in

this way would ever be absorbed by the human body.

As a result, many digestion protocols have been

developed that attempt to mimic conditions, whereby

metals can be assimilated into living organisms. The

following sections consider some of those techniques.

Speciation

Determination of particulate-associated element con-

centrations is an important initial step for the
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assessment of origin, relative mobility, and fate of

contaminants (Duzgoren-Aydin et al. 2010). Based

on the protocol developed by Tessier et al. (1979), the

speciation of urban deposits has elicited much study,

showing that street and house dust do agree fairly

well regarding general trends in trace-element parti-

tioning. It has been found that Pb and Zn are

preferentially associated with the carbonate and Fe-

Mn oxide fractions, and Pb to a lesser extent with the

exchangeable fraction; Cu is predominantly bound to

the organic fraction; and Cd is associated with the

first two fractions and shows the highest affinity of all

these elements for the exchangeable fraction

(Charlesworth and Lees 1999; Wang et al. 1998;

Evans et al. 1992). According to these results, the

mobility of trace elements in street dust follows the

sequence: Cd [ Pb/Zn [ Cu, and concern about their

environmental implications should, perhaps, observe

the same order. The carbonate fraction is less

important in urban soils and the relevance of the

Fe-Mn oxides, organic matter, and residual fraction

increases (Serrano-Belles and Leharne 1997; Evans

et al. 1992). This fact probably arises from a number

of causes, among them the lower abundance of

calcite, the lower pH, and higher concentration of

organic matter in urban soil relative to street dust.

Trace elements are consequently more tightly bound

to soil than to street dust particles, a fact that

corroborates the role of urban soil as a sink for

pollutants. However, changes in the environmental

conditions of the soil (pH, redox potential) might

result in the release of part of the load of trace

elements that have accumulated over time. However,

there are many sequential digestion protocols and

little consensus regarding which method is the most

appropriate to use (Perez-Santana et al. 2007). The

cold extraction method as detailed in Sutherland 2002

particularly appears to be relatively cost- and time-

effective as well as an environmentally sound

screening procedure for monitoring programs involv-

ing numerous samples from diverse settings. How-

ever, results of this method should be accompanied

with total element concentrations, as the proportion

of the element able to be extracted may vary

significantly with its origin as well as the type of

sample (Duzgoren-Aydin et al. 2010). It is also felt

that elucidating the binding sites on particulates does

not give the kind of information required when

assessing impacts on human health.

Bioaccessibility and bioavailability

Bioaccessibility is normally defined as the fraction of

the trace element content that is available in the

gastrointestinal tract for transport across the intestinal

lumen, whereas the term bioavailability usually

denotes the ingested contaminant fraction that actu-

ally reaches the systemic circulation (not all the mass

of metal released during its transit in the gastrointes-

tinal tract will be absorbed). The toxicity values used

in risk assessments for ingestion are expressed in

terms of absorbed doses and are often derived from

assays that employ soluble salts or other easily

available chemical forms of trace elements. Conse-

quently, human health-risk assessments implicitly

assume that the concentration term used in standard

equations to quantify exposure represents the amount

of trace elements in the sample that are available for

absorption (i.e., bioavailable) in the gastrointestinal

tract. In vivo assays have been carried out to evaluate

bioavailability but they are expensive and compli-

cated. They can be substituted, without great loss of

accuracy, by in vitro tests (RIVN 2006) that simulate

the biochemical environment, temperature, and dura-

tion of the various stages of ingestion (Oomen et al.

2002). Although undoubtedly easier to control than in

vivo assays, in vitro experiments commonly produce

uncertain and little reproducible results due to, among

other difficulties, the very large number and instabil-

ity of reactants and solutions, and the fact that

concentrations in chyme can be near or below

quantification limits.

Probably as a consequence, most in vitro studies of

urban particulate materials have focused on the

bioaccessibility of trace elements in soil and dust,

operationally defined as the maximum amount of

metal that is soluble in a synthetic gastric fluid

(Hamel et al. 1998). A majority of these studies have

used hydrochloric acid (adjusted to pH = 1.5) as a

surrogate for gastric juice, as in the European

Standard Toy Safety Protocol EN-71 (European

Committee for Standardization 1995; Rasmussen

et al. 2008) and some have extracted trace elements

in the sample with glycine, again adjusted to

pH = 1.5 with conc. HCl (Ruby et al. 1999; Madrid

et al. 2008). The variability in the, sometimes

contradictory, results arrived at by different research-

ers reflect the many and complex factors that

influence how much of the total trace element load
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in a sample is bioavailable (element investigated,

granulometry and mineralogy of the sample, organic

carbon content, mode of retention, anthropogenic or

natural origin, acid-to-sample ratio, etc.). Madrid

et al. (2008) report bioaccessibility values (relative to

an aqua regia extract) of up to 86% for Ni and 83%

for Zn, and as low as 1% for Cr in the \2 lm fraction

of soils from two different urban environments,

and an order of bioaccessibility Ni = Zn [ Pb [
Cu [ Cr for Seville and Pb = Cu = Zn [ Ni [ Cr

in Torino. Rasmussen et al. (2008) analyzed the

HNO3 ? H2O2 ‘‘total’’ and HCl bioaccessible con-

tents of the \150 lm fraction of samples from urban

gardens and indoor dust in Ottawa, producing an

order of bioaccessibility of Cu = Zn [ Ni for soil,

and Zn [ Cu = Ni for dust. Moreover, not only were

concentrations of metals in indoor dust higher than in

outdoor soil, but also their bioaccessibility was

determined to be 1.5–2.5 times higher (i.e. 44% for

Cu and Ni and 65% for Zn). Most studies of metal

bioavailability in soils have been conducted in

locations strongly affected by industrial or mining

operations (Schroder et al. 2003; Ruby et al. 1996).

One of the few studies on uncontaminated urban soils

was carried out by Ljung et al. (2007) in Uppsala

(Sweden), where the upper 10 cm of playground soil

was aqua-regia digested and bioavailability assessed

after Oomen et al. (2003). Bioavailability followed

the order: Cd (26%) [ As (16%) [ Pb = Cr = Ni

(4%) for the \50 lm fraction, considered to repre-

sent the particulate material that children ingest

accidentally while playing.

Attempting to determine the relevance of, and

hence give a context to, urban environmental levels

of potentially toxic elements has added further

complicating layers to what was already a complex

situation. Concentrations of metals in the neutral-pH

intestinal phase have been found to be lower than in

the acidic stomach juice, particularly for those

elements which are more easily re-adsorbed or

precipitated under near-neutral conditions (i.e., Pb).

The use in a risk assessment of bioaccessible

concentrations of those elements, as determined in

extractions with HCl, would over-estimate the risk

although not to the same extent as aqua-regia or

similar pseudo-total digestions, in which less than 5%

of the resulting concentrations of Pb, Ni, and Cr may

be available for absorption in the intestine. Metals in

urban particles of natural origin are generally more

strongly bound and consequently exhibit a lower

bioavailability than those associated with anthropic

sources. Lastly, indoor dust presents higher concen-

trations and higher bioaccessibility than urban soil.

As a consequence, risk assessments, which normally

integrate dust and soil as one single exposure

medium, may gain in accuracy if both sources of

exposure were considered separately.

Risk in playgrounds

A large body of knowledge has been developed over

the last decades on the exposure of children, the most

sensitive segment of the population, to urban partic-

ulate materials (Laidlaw and Filippelli 2008; Mielke

et al. 1999; Evans et al. 1992). Specifically, some

researchers have concentrated their efforts on the

chemical composition of playground soil and dust

(Ljung et al. 2006a, b; Ng et al. 2003; Wong and Mak

1997; Duggan et al. 1985), since the exposure of

children to trace elements in this material is particu-

larly high, relative to other activities and other

locations, during games at school breaks and in public

playgrounds after school (Roscher et al. 1996). A

detailed risk assessment by Dudka and Miller (1999)

revealed that the highest risk to children in playgrounds

was ingestion of soil particles, followed by dermal

absorption. Wong and Mak (1997) carried out a

simplified risk assessment, comparing the heavy metal

concentrations found in dusts and soils in Hong Kong

playgrounds with the Dutch Soil Investigation Levels

and concluded that Pb and Zn might pose a health

hazard for children. In contrast, De Miguel et al. (2007)

collected samples from the top 2 cm of the sandy

substrate in Madrid municipal playgrounds and found

that the element of most concern was As in terms of

both carcinogenic and non-carcinogenic risk. How-

ever, in playgrounds with chromated copper arsenate

(CCA)-treated equipment, children may experience a

much higher exposure to As than that found in Madrid,

as a result of not only soil ingestion and dermal

absorption but more importantly, direct oral ingestion

of dislodgable arsenic from wood (Hemond and Solo-

Gabriele 2004; Stilwell and Gorny 1997).

Despite numerous studies attempting to quantify

relevant exposure factors for children during playing

activities, there is significant variability amongst their

results (Hemond and Solo-Gabriele 2004; USEPA

2002; Buchardt-Boyd et al. 1999; Evans et al. 1992)
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reflecting the difficulties involved. Exposure fre-

quency, e.g., cannot be directly extrapolated from

one survey to another since playing habits and time

spent outdoors may differ substantially from one

region to another. Additionally, quantitative estimates

of the toxic potency of elements and compounds

found in urban matrices are being constantly reviewed

with considerable changes in their values and some-

times even in the threshold or non-threshold behavior

of the toxicant.

Although these considerations suggest that risk

assessments in urban environments should be inter-

preted with caution, they do not invalidate their

potential in being able to identify the contaminants of

most concern and the most relevant routes of exposure.

Urban geochemical cycles

Having established the importance of studying the

geochemistry of urban environments in terms of the

risk imposed by potentially increasing concentrations

of hazardous elements in concert with population

increase (cf. Charlesworth et al. 2003) the question of

managing the risk arises. In order to apply management

strategies, it is important to be able to predict where

‘‘hot spots’’ of contamination are likely to occur.

Hence there have been many attempts to model urban

geochemical cycles, with varying degrees of success.

Figure 3 shows a simplified model of the way in

which trace elements circulate between different

urban media (i.e., atmospheric aerosol, street dust,

urban soil, and urban sediment). They can do so in

aqueous solution, and, most importantly, in associa-

tion with particulate solids, the finest fraction of

which is especially relevant for two reasons:

1. Particles with a diameter \100 lm can be

resuspended and are easily transferred between

soil, street dust, and atmospheric aerosol.

2. Particles in the silt-clay size range have the

highest capacity to bind, and therefore transport,

trace elements.

As well as trace elements, urban particulate

material always includes a certain proportion of

natural material, such as particles of natural soil or

airborne particles from outside the city limits.

Although the exact chemical makeup of this compo-

nent is closely related to the type of geological

material in and around the city, it is probably the

major source of the Ce, Ga, La, Th and Y found in

urban environments. This association of ‘‘natural’’

trace elements is surprisingly stable in that it is found

in cities of different urban characteristics, e.g.,

Madrid, Oslo, and Ostrava (De Miguel et al. 1999)

and has also been found all through the urban cycle:

in the atmospheric aerosol, in street dust, in the urban

soil, and in urban sediments.

Incomplete descriptions of the urban cycle of some

elements have already been reported, as in De Miguel

et al. (1998) who followed the fate of Ag in the city

of Madrid. Silver can be introduced as a component

Fig. 3 Simplified

representation of the urban

geochemical cycle
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of medical (X-ray plates, dental alloys), commercial

(photographic film) or industrial materials (high-

capacity Ag–Zn and Ag–Cd batteries). Disposal of

these materials ultimately results in the release and

transport of Ag in urban waters. As these waste

waters are treated in urban wastewater treatment

plants, Ag becomes concentrated in the sludge

produced during the treatment process, where it

reaches values close to 45 lg g-1. This sludge is in

turn processed into a compost that is widely used by

municipalities as soil amendment in parks and

gardens. Silver is further concentrated in the compost

(up to 50–70 lg g-1), most likely due to the loss of

mass during fermentation in the piles of maturing

sewage sludge. The application of this compost on

urban soil re-introduces Ag, resulting in median

concentrations of this element nearly five times

higher in compost amended soils than in non-

amended urban soils. Data published by De Miguel

et al. (2005) strongly suggest that not all the Ag that

enters the urban water system is confined in sewage

sludge to re-enter the urban cycle. Concentrations of

up to 16 lg g-1 and a strong association with

typically anthropogenic elements like Cu, Pb, and

Zn in the sediments of the River Manzanares that

runs through Madrid implies that a fraction of this Ag

is stored in the river sediments.

Charlesworth et al. (2000) envisaged the urban

particulate environment as a ‘‘cascade’’ whereby

sources included point sources, fluvial bed sediments,

and polluted dusts. These were then transported in

water via suspended sediment in storm sewers, rivers

and streams, or in the atmosphere and were then

eventually deposited in gully pots or urban lakes.

However, the urban environment is complex (or

‘‘frustrating’’ Charlesworth et al. 2000, p. 356) with

a wide variety of processes impacting on the physico-

chemical characteristics of the particles as they move

around the cascade and very few relationships were

found between the geochemical and geophysical

parameters making up the fingerprint of sediment

taken from the individual compartments of the

cascade.

Future trends and concluding remarks

Urban geochemistry will have to keep growing in

pace with the increase in urban population around the

world, soon becoming ‘‘the most dominant human

habitat in history’’ (Wong et al. 2006, p. 12). As a

subject, it has rapidly grown in depth and complexity

over the last three decades, having the capacity to

bring about fundamental changes in urban life, as

demonstrated by the gradual phasing out of leaded

petrol after decades of geochemical research on urban

Pb. However, many studies have shown that while

emission of such elements as Pb have reduced, solid

deposits on the surfaces of streets and in people’s

homes still retain a record of past contamination

which can pose a risk to the city’s inhabitants,

particularly children.

The improvement of already existing analytical

techniques and the advent of new ones have greatly

widened the scope of urban geochemical research.

The current routine use of ICP-AES, ICP-MS, and

GC-MS has facilitated previously laborious multi-

elemental determinations, and has brought detection

limits down to the levels required to quantify the low

concentrations of trace elements and organic com-

pounds collected in cascade-impactor filters, dis-

solved in street runoff or recovered in the individual

fractions of sequential extraction procedures. In the

foreseeable future, therefore, it is likely that one of

the major research interests will concern the adapta-

tion and development of risk-assessment tools for

urban environments, the exploration of which has

already led to the development of the subject of

medical geology (Bowman et al. 2003). Geochemis-

try already plays a relevant role in risk analysis, as it

helps to evaluate how a contaminant can partition

between different phases and migrates from its source

to the potential receptors. In turn, risk assessment

provides a means to quantify the severity of the

adverse health effects associated with the toxic

elements and compounds that urban geochemistry

investigates. Urban geochemistry and risk assessment

are currently employed together to characterize

‘‘brownfields’’, and it seems that the next develop-

ment will probably involve evaluation of whole urban

areas from an environmental risk perspective (Beer

and Ricci 1999).

However, a large number of questions about the

urban environment have yet to be adequately or

completely addressed. The modeling of the urban

environment in terms of geochemical cycles, e.g., is

difficult due to the complex mixtures of materials

constantly undergoing change. The challenges of this
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‘‘multicomponent, multiphase’’ environment (Turner

1992) are likely to keep urban geochemists busy for

some time to come.
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